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ABSTRACT

Forests globally are subject to multiple disturbances such as logging and fire that create
complex temporal variation in spatial patterns of forest cover and stand age. However,
investigations that quantify temporal changes in biodiversity in response to multiple forms of
disturbance in space and time are relatively uncommon. Over a 10-year period, we
investigated the response of bird species to spatio-temporal changes in forest cover associated
with logging and wildfire in the Mountain Ash (Eucalyptus regnans) forests of south-eastern
Australia. Specifically, we examined how bird occurrence changed with shifts in the
proportion of area burnt or logged in a 4.5km radius surrounding our 88 long-term field
survey sites, each measuring 1 ha in size. Overall species richness was greatest in older forest
patches. The number of bird species detected declined as the amount of fire around each site
increased. At the individual species level, most species were more likely to be detected in old
growth than younger forest. Thirty-one of37 bird species we modeled exhibited a negative
response to the amount of fire in the surrounding landscape, while one species responded
positively to fire. Only nine species exhibited signs of recovery in the six years of surveys
following the fire. Five species were more likely to be detected as the proportion of logged
forest surrounding a site increased, suggesting a possible “concentration effect” with
displaced birds moving into unlogged areas following harvesting of adjacent areas. We
identified relationships between the coefficients of life history attributes and spatio-temporal
changes in forest cover and stand age. Large-bodied birds and migratory species were
associated with landscapes subject to large amounts of fire in 2009. There were associations
between old growth stands and small-bodied bird species and species which consumed food

other than insects.

Our study showed that birds in Mountain Ash forests are strongly associated with old growth

stands and exhibit complex, time-dependent and species-specific responses to landscape
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disturbance. Despite logging and fire both being high-severity perturbations, no bird species
exhibited similar responses to fire and logging in the landscape surrounding our sites. Thus,
species responses to one kind of landscape-scale disturbance are not readily predictable based
on an understanding of the responses to another kind of (albeit superficially similar)

disturbance.

Keywords: Mountain Ash, eucalypt forests, spatial change in cover, landscape context

effects, disturbance-congruence hypothesis, concentration effects, south-eastern Australia

INTRODUCTION

Forests are dynamic environments subject to disturbances which can alter stand
characteristics, such as stand structural complexity and plant species composition, as well as
modify spatial patterns of stand age across a landscape (Lindenmayer and Franklin 2002,
Frelich 2005, Ritchie 2010, Pulsford et al. 2016, Thom and Seidl 2016, Seidl et al. 2018).
Indeed, disturbance regimes often drive changes in the amount and configuration of suitable
habitat in a landscape (Clarke 2008, Clavero et al. 2011, Farnsworth et al. 2014, Kelly et al.
2016), the spatial patterns of abundance of species (Nimmo et al. 2013, Maravalhas and
Vasconcelos 2014, Sitters et al. 2014), and the viability of populations of forest-dependent
taxa (Todd et al. 2016, Taylor et al. 2017). However, quantifying the landscape-scale
response of biodiversity to disturbances such as fire and logging is challenging for several
reasons. First, unlike many agricultural environments where vegetation disturbance can result
in permanent land clearing and transformation to an entirely new ecosystem (Watson et al.
2014, Haddad et al. 2015), forests can regenerate after disturbances such as wildfire and

timber harvesting (Lindenmayer and Franklin 2002, Fedrowitz et al. 2014). Thus, activities
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like logging have important spatio-temporal dimensions with cutblocks added to a landscape
over time, but these are counter-balanced by the regeneration of previously harvested areas
(Franklin and Forman 1987). Second, whereas logging can produce relatively predictable sets
of newly disturbed areas over time, wildfires in many forested ecosystems can be rare events
that have episodic and often unpredictable impacts on the distribution of stand ages in the
landscape (McCarthy and Burgman 1995). Given such complexities, investigations that
quantify changes in biodiversity in relation to temporal changes in the spatial patterns of
forest cover are relatively uncommon. Limited understanding of the effects on biodiversity
from cumulative spatial patterns of cover created by both logging operations and fires is one
such knowledge gap (Simon et al. 2002, Slik et al. 2002, Bergeron et al. 2006, Spies et al.

2007, Hart and Chen 2008, Driscoll et al. 2010, Lindenmayer 2016).

In the study reported here, we quantified relationships between temporal patterns of
bird detections over a 10-year period and spatio-temporal changes in forest cover. We
conducted this study in the Mountain Ash (Eucalyptus regnans) forests of the Central
Highlands of Victoria (Figure 1a) where both logging and wildfire create new stands of
young forest that are readily distinguished from long undisturbed areas (e.g. those not subject
to logging or fire in the past 80 years) both on-the-ground and with remote-sensing (Figure
1b). This makes the Mountain Ash ecosystem a useful one in which to quantify the effects on
biota of spatio-temporal changes in forest cover. Previous studies in Mountain Ash forests
have highlighted site-level differences in the effects of logging versus the effects of fire on
key components of stand structure. These include the abundance of large old trees
(Lindenmayer et al. 2016), the abundance of tree ferns and resprouting plant species
(Lindenmayer and McCarthy 2002, Blair et al. 2016, Bowd et al. 2018), and levels of soil
nutrients and patterns of soil structure (Bowd et al. 2019). Our focus was on relationships

between apparent site occupancy as reflected by forest bird detections and spatio-temporal
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patterns of forest cover generated by: (a) logging operations that have taken place in
Mountain Ash forests over the past 63 years (since 1955), and (b) a major wildfire that

occurred in these forests in 2009. We motivated our study by posing three key questions:

01. Does the amount of clearcut logging in the landscape influence the number of bird

species detected and site occupancy by individual bird species? At the outset of this study,

we predicted that number of bird species recorded and detections of individual species would
be negatively influenced by increasing amounts of logged forest in the landscape. We made
this prediction because clearcut logging results in major changes in stand structure that can be

important for forest birds (Lindenmayer et al. 2016,, Blair et al. 2016, Bowd et al. 2018).

02. Does the amount of wildfire in the landscape influence the number of bird species

detected and site occupancy by individual bird species? Given that wildfires are typically

high-severity and high-intensity stand-replacing events in Mountain Ash forests (Ashton
1981), together with the marked paucity of early successional species in this ecosystem
(Lindenmayer et al. 2014), we predicted that large amounts of burned forest in the landscape
would depress both the number of bird species detected and levels of site occupancy by
individual species. Many forests are characterized by a decline in species diversity following
disturbance (e.g. Kodandapani et al. 2004, Kotliar et al. 2007, Pons and Clavero 2010,
Clavero et al. 2011, Phalan et al. 2019, Simon et al. 2002), although there are locations, such
as some North American forests, that support a suite of early successional species (Hutto

1995, Swanson et al. 2011).

Q3. Are relationships between bird site occupancy and fire and logging predictable based
on key life history attributes? Species with particular functional traits are prone to decline in
landscapes undergoing change (Tylianakis et al. 2008, Lindenmayer et al. 2015), including
those subject to fire (Sitters et al. 2016). This is termed the “performance filtering

hypothesis” (Mouillot et al. 2012) in which particular functional traits can be “filtered out” by
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increasing amounts of disturbance in the landscape. We focused on three traits; body mass,
movement patterns and diet. This was because they have been shown to be important in
explaining responses to altered natural disturbance regimes and the impacts of human
disturbance, including for birds in other Australian ecosystems (Lindenmayer et al. 2018a,
Lindenmayer et al., 2019). Body mass is linked to abundance, energy use, and geographic
range size (Calder, 1984, Lomolino & Perault, 2007, Schmidt-Nielsen, 1984). It has also been
linked to the risk of species decline across taxonomic groups, with global analyses suggesting
that large-bodied vertebrates are at particular risk of decline (Tilman et al. 2017). In
Australian woodlands, large-bodied birds are declining and small-bodied species are
increasing (Lindenmayer et al., 2018b). b. However, in Europe, small-bodied birds are
declining, whereas large species are increasing (Inger et al. 2014). Given that fire and logging
often lead to very densely stocked stands of young trees, and that these environments
typically provide cover for small-bodied birds but hinder movement by large-bodied birds,
we predicted that large-body size would be a trait filtered out by increasing amounts of
disturbance in the landscape. We also examined whether there were relationships between
movement status (migratory versus resident taxa) and site occupancy. We selected this trait
because, worldwide, migratory species are thought to be among the most severely declining
taxa, not only due to climate change and extreme weather, but also other factors like habitat
loss (Sanderson et al. 2006, Both et al. 2010, Runge et al. 2015, Barlein 2016, Gilroy et al.
2016). At the outset of this investigation, we predicted that migratory species would be more
severely affected by increasing amounts of disturbance in the landscape than residents,
because the strong physiological demands on migratory taxa that result from long distance
travel (see Guillemete et al. 2016) could reduce their resilience to increasing amounts of
forest perturbation in the landscape. The third trait we examined was diet through comparing

insectivores with species that consume other kinds of food. There have been substantial
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declines of invertebrates in many parts of the world (e.g. Powney et al. 2019), and in
Australia major changes in insect populations have been associated with some kinds of
disturbances, albeit largely in agricultural areas and not forests (Barton et al. 2016, Gibb and
Cunningham 2010). Based on potential changes in insect prey in disturbed Mountain Ash
forests (see Pulsford 2012), at the outset of this investigation, we predicted that insectivory
would become proportionally less prevalent as a consequence of increasing amounts of

disturbance in the landscape.

METHODS

Study region

Our study region encompassed a 60 km x 80 km subset of the Central Highlands of
Victoria, which is located approximately 60-120 km north-east of Melbourne, in south-
eastern Australia (Fig. 1a). We confined our work to forests of Mountain Ash (Eucalyptus
regnans). Mountain Ash trees are obligate seeders, meaning that wildfires generally kill trees
and the forest regenerates only from seed (Smith et al. 2013), creating even-aged cohorts of
trees. The mean fire return interval in Mountain Ash forests has been estimated at 107 years
(McCarthy et al. 1999), but ranges from 30-300+ years depending on the location within the
landscape (Lindenmayer 2009). Clearcutting is the primary form of logging in Mountain Ash
forests (Lutze et al. 1999) and, like fire, creates primarily even-aged cohorts of post-

disturbance regeneration.

Our 88 field sites spanned a range of stand age classes (see below). At the
commencement of our investigation, we assigned our sites to one of four stand age classes:
(1) those that dated from before 1900 (hereafter referred to as ‘old-growth”), (2) regeneration

from a wildfire in 1939 but which have not been burned since then, (3) regeneration from
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logging that occurred between 1960 and 1990, and (4) those where the overstorey eucalypts
were of mixed age (Table 1). None of our sites were logged over the duration of our study
(i.e. between 2004 and 2014), although there was extensive logging of the landscapes

surrounding some of our sites (Figure 1b).

Bird surveys

We conducted annual surveys from 2004 to 2014 (inclusive), with the exception of
2006 and 2008. We completed all surveys in late November, which is the breeding season for
the majority of species and when summer migrants have arrived. Our standardized protocol
entailed 5 minute point interval counts (sensu Pyke and Recher 1983) completed at each of
the 0 m, 50 m and 100 m points along a central 100 m transect at each field site. We recorded
birds only when they were observed within 100 m of an observer. In each year of our
surveys, each of our 88 field sites was surveyed by two different, experienced ornithologists,
on different days to account for observer heterogeneity (Cunningham et al. 1999,
Lindenmayer et al. 2009) and day effects (Field et al. 2002, Lindenmayer et al. 2009). We did
not conduct field surveys during poor weather (rain, fog or high winds) and completed counts
between dawn and four hours after dawn. The level of survey effort was therefore similar for
all sites. In addition, the core group of experienced ornithologists that completed the field
surveys remained largely unchanged over the duration of this study. We did not treat
individual point counts as independent samples, but rather pooled counts across the 0 m, 50
m and 100 m plots. We also pooled data across observers and days. Thus, we amalgamated
the counts within each site to give detection data for each species at a site in any given survey

year.

Logging variables and 2009 fire variables
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Wildfires in February 2009 burned 78 300 ha of montane ash forest in our study
region (Gibbons et al. 2012). Of our 88 field sites, 43 were unburned, with the remainder
burned at either high severity (23 sites) or moderate severity (22 sites). Initial analyses
revealed no differences in bird response to fire severity and we therefore elected to complete

analyses for a single combined fire severity class (i.e, burned versus unburned).

The 2009 wildfire was the only major fire that occurred during the bird surveys that
underpinned our investigation. Using spatial data (obtained from the Government of Victoria)
on forest cover following the 2009 fires, we calculated a spatially-weighted proportion of 20
m x 20 m pixels burned within a 4.5 km radius circle surrounding each survey site (Appendix
S1: Table 2, Figure S1). We selected this distance to reflect the maximum movement and
foraging distances of the majority of (non-migratory) bird species inhabiting Mountain Ash
forests (see Garnett et al., 2018). We employed a Gaussian kernel with parameters chosen to
give weight 1 to a pixel at the center of the site and weight 0.001 to a pixel located 4.5 km
from the site (at 1, 2, 3 and 4 km the weights were 0.711, 0.256, 0.046 and 0.004,
respectively). Although approximately half of our sites were burned in the 2009 wildfires, it
was not possible to fit a covariate for site-level fire in our analyses. This was because site-
level fire was highly correlated with the extent of landscape-level fire and inclusion of both

variables would have compromised our ability to fit robust statistical models.

None of our sites were logged, but forest in the landscape surrounding our survey sites
was subject to clearcutting. We calculated the spatio-temporally weighted proportion of 20 m
x 20 m pixels logged from 1955 to a given year within a 4.5 km radius circle surrounding
each field site for each of the survey years (2004, 2005, 2007, 2009-2014) (Appendix S1:
Table 2). We summarized the variation in the spatial variables (see Appendix S1: Figure S1)
and it showed a left skewed distribution with some sites surrounded by limited amounts of

harvesting, but others with up to 40% of the surrounding area having been logged (e.g. see
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Figure 1b). We included time since logging disturbance in our analysis. This variable had two
categories. These were the amount of forest within a polygon that was logged 1-5 years ago,
and the amount of forest that was logged 6-10 years ago. We selected these age cohorts
because of the major structural differences in such stands, particularly immediate post-

harvesting and then canopy closure after 6+ years of growth.

Bird life history attributes

We extracted data on life history attributes for each bird species in our study region
using compilations of bird biology and ecology published in various ornithological
monographs (Garnett et al., 2018). We focused on three key traits; body mass, movement
status, and diet. We used log body mass as a proxy for size, which we analyzed as a
continuous variable. We assigned each bird species to one of two categories of movement
status: migrants and residents. Resident species were those which did not undertake large-
scale movement such as latitudinal migration, elevational migration, or nomadic movements
that typically encompass shifts exceeding 100s to 1000s of km. The third trait we examined
was diet. We assigned birds to one of two broad diet categories: those that primarily

consumed invertebrates and all other diet types.

STATISTICAL ANALYSIS

We did not adjust for detection for our bird data in this study. There were several
reasons for this. First, a key part of our analysis was to explore the relationships between
traits and levels of disturbance associated with fire and logging in the landscape.
Unfortunately, it is not possible to fit traits in an occupancy framework using new generation
approaches like BORAL. Second, in other ecosystems where we have gathered data in an
almost identical way to those reported here, detection/occupancy analyses do not improve

model fit (see Welsh et al. 2013, 2015). We acknowledge that accounting for detectability
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can improve model fit in some situations (Hutto 2016, but see Latif et al., 2016, Marques et
al., 2017). However, we assumed detectability was consistent across sites because sampling
effort was constant within and between sites and across years, and because our surveys were
completed largely by the same set of experienced observers under constrained survey
conditions (see above). We also assumed that detection/occupancy analysis would have led to
limited (if any) change to the results, even if it could have been validly applied in this

context.

We analysed the number of species detected at the site level using a Bayesian multi-
level Poisson regression model. Specifically, let d;; represent the number of species detected

at site 7 in year . Our model for mean,y;;, can be expressed as follows:
di; ~ Possion(u;;)
log pir = Bo + B1SA} + B2SAY + B3SAG, + BuH15; + BsH157, + BeH610; + f,H610,

+ BaFit + BoF + Bioyric + Brayrii + BizoFie X yrie + P1sH15; X Fy

+ﬁ14-H610itXFit + U;

where SA},, SA% and SA3 are indicator variables denoting 1939, 1960-1990s, and
mixed regrowth respectively, H15;; represents the amount of harvesting in the 1-5 years prior
to the survey, H610;; represents the amount of harvesting in the 6-10 years prior to the
survey, Fj; is the amount of fire in 2009 (note this was zero in 2004, 2005, and 2007 the years
prior to the 2009 wildfire) and yr;, is the survey year. Finally, u; is the random effect of site,
which we assumed was normally distributed with mean zero and standard deviationo;,. To
reduce the amount of collinearity in the covariates when implementing the quadratic effects,
we employed orthogonal polynomials (standardized to have standard deviation one). We

express our model more compactly, using vector notation, as follows:
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loguir = Bo + %, B+ w;

where x;,1s the vector of all covariates and f8 is the vector of regression parameters,

excluding the intercept.

We fit the model using the brms (Bayesian regression models using stan) package
(Buerkner 2017) with default priors, specifically flat priors on the elements of f# and a half
Student t prior on ¢;2 with zero mean, scale parameter 10 and 3 degrees of freedom. We ran
four chains for 10,000 iterations with a thinning factor of eight, discarding the first 2000
iterations as burn-in, resulting in 4000 samples for posterior inference. We assessed the
convergence of the chains using the Gelman-Rubin statistic (R) (Gelman and Rubin, 1992).
All model parameters had R statistics less than 1.01, indicating adequate mixing of the
chains. To assess the fit of our multi-level model, we plotted residuals versus fitted values
and found no evidence to indicate departures from model assumptions (Appendix S1: Figure
S7). We present posterior medians and 95% credible intervals.

To investigate the relationship between our covariates and the apparent occurrence of
individual bird species, we employed a multivariate latent variable model (described in
Warton et al 2015 and Hui 2016) using the BORAL package (Hui 2016, 2018) in R (R Core
Team, 2018). The use of BORAL allowed us to assess the mediating effects of bird traits on
the relationships between our covariates and apparent occurrence which we explain in more
detail below. A latent variable model is a regression model for multivariate data that includes
latent (unobserved) predictors that allow one to model the correlation amongst species.
Latent variables can also account for missing/unmeasured predictors. The values of latent
variables are estimated along with the corresponding species-specific regression parameters

(Warton, 2015). The use of BORAL also allows for the inclusion of so-called “random row-
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effects” which allow one to account for design variables akin to random effects designs in

generalized linear mixed models (Hui, 2016).

More specifically, we modelled the multivariate species responses in the following
manner. Let y;;;be one if species s was detected on site i in year ¢ and zero otherwise and let

the probability of detection be m;;;, which we model as follows:
Vies ~ Bernoulli(m;s)
For each species s, we fit the following probit regression model:
O () = a; + g + Oos + X[ Bs + 21,0

where @ is the cumulative distribution function for normal distribution, «; is the
random row effect for site, a;; is the random row effect for site and time, 8 ,is the species
specific intercept, the design vector x;; is the same as defined previously, 5 is the vector of
regression parameters for species s, 1, is a vector of latent variables (Hui, 2016) of length
four, and O is a vector of latent variable coefficients. For additional detail on our approach to

modelling, see Warton et al. (2015) and Hui (2016).

To incorporate traits into this formulation (see Warton et al. 2015, Hui 2016), let £, be
a vector of traits on species s (in our case this is a vector of length 3). The mediating effect of
traits was modelled by assuming that 8,5 and f; were random effects, drawn from a normal

distribution as follows:
905 ~N(t£K0; O-g) and lgsk ~N(t£Kk' O']?)

where N (u, 02) is the normal distribution with mean u and variance o2 and the Bgis
the kth regression coefficient in 5. The coefficients Ky, k = 0, 1, 2, ..., relate the traits
linearly to the regression coefficients and the o allow for any variation not explained by

traits. We performed residual diagnostics using Dunn-Smyth residuals (Hui 2016).
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We ran one Markov chain with 200,000 iterations with a burn-in of 80,000 with a thinning
factor of 120, yielding 1000 samples for posterior inference with default priors (normal prior
with zero mean and variance 10 for the fixed effects, B, including trait coefficients, K, and
a uniform(0,30) prior for any standard deviation parameters in the model,a,,, 0, g% in the
BORAL package (Hui 2016, Hui 2018). We assessed the convergence of the chain using the
Geweke diagnostic (Geweke 1992). The Geweke diagnostic is essentially a test of the means
between two parts of the chain with the standard error calculated from the spectral density,
which accounts for auto-correlation, yielding a Z-test for comparing the beginning and
ending fractions of the Markov chain for each parameter. The Geweke diagnostic, resulted in
less than 5% of the Z-statistics for the monitored parameters exceeding the 5% cut-off. This
is consistent with the null-hypothesis testing nature of this Geweke diagnostic (Geweke
1992). We used Dunn-Smyth residuals (Hui 2016) to assess model fit. Specifically, we
plotted residuals versus fitted values, residuals versus both row and column index and a
normal quantile-quantile plot. There were no obvious patterns detected in any of the four
residual plots (Appendix S1, Figure S8). We present posterior medians and 95% credible
intervals for the regression parameters 8 and the trait parameters Ky on the probit scale.

RESULTS
Number of bird species detected

Between 2004 and 2014, we completed 4608 five minute point counts on our 88 sites
and recorded 79 bird species (Appendix S1: Table S1). We provide descriptive statistics in
Appendix S1: Tables S2 and S3, as well as Figure S1. The model for the number of species
detected (see Appendix S1: Table S4) contained evidence of a quadratic relationship with fire
and an interaction between the linear components of fire and year. Sites with greater amounts
of fire in the surrounding landscape tended to experience larger declines in the number of

species detected. The number of species detected on these sites also recovered more strongly
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over time than sites where little of the surrounding landscape had been burned (Figure 2).
Finally, more species were detected in old growth forest relative to younger aged stands (see

Appendix S1: Table S2).

Relationships for individual species

Our surveys generated sufficient data (i.e. taxa with 5% or more detections from the
combined site x survey periods; N = 768), to complete statistical modelling of the changes in
detections of 37 individual bird species. We found a positive relationship between the
probability of detection of three species and an increasing amount of forest logged 1-5 years
previously in the surrounding landscape (Appendix S1: Figure S2) and a positive relationship
between the probability of detection and the amount of forest logged 6-10 years previously in
the surrounding landscape for one species, the White-eared Honeyeater (Lichenostomus
leucotis) (Appendix S1: Figure S2). Detections of the Red Wattlebird (Anthochaera
carunculata) showed a negative quadratic relationship with harvesting in the prior 6-10 years.
However, no species showed evidence of quadratic relationships with logging in the

preceding 1-5 years (Appendix S1: Figures S2 and S3).

Only five of our 37 species, the Brush Cuckoo (Cacomantis variolosus), Crimson
Rosella (Playcercus elegans), Gang-gang Cockatoo (Callocephalon fimbriatum), Red
Wattlebird and Striated Pardalote (Pardalotus striatus), exhibited no relationships between
the probability of detection and fire, whether a linear or quadratic interaction with year, or an
interaction with harvesting. Twelve species exhibited an interaction between survey year and
amount of fire in the surrounding landscape (Figures 3 and Appendix S1: Figure S4). In
general, bird detections increased faster over time on sites where there was more fire in the
surrounding landscape. One species, Grey Currawong (Strepera versicolor), exhibited an
interaction between the amounts of harvesting and fire in the surrounding landscape

(Appendix S1: Figures S4 and S6). Of the remaining species that showed evidence of
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relationships between fire in the surrounding landscape and probability of detection, 18
showed either negative linear relationships or quadratic relationships. Only the Flame Robin
(Petroica phoenicea) showed a positive association with the amount of fire in the

surrounding landscape (Appendix S1: Figures S2 and S3).

Of the species for which models contained no interaction between fire and year, we
found negative relationships with year for three species: Pied Currawong (Strepera
graculina), Red Wattlebird and Superb Lyrebird (Menura novaehollandiae). There was a

quadratic effect of time for one species, the Rufous Fantail (Rhipidura rufifrons).

Our analyses contained evidence of strong relationships between probability of
detection and stand age, with the vast majority of species more likely to occur in old growth
forest (i.e. those dating from before 1900) than younger-aged stands (Appendix S1: Figure
S5). No species were more likely to occur in younger aged forests relative to old growth

forest (Appendix S1: Figure S5).

Analyses of bird life history attributes

We found evidence of an interaction between log body mass and stand age, the
amount of fire in the landscape in 2009, year, and fire x year (Figure 4). There was an
interaction between diet (insectivores versus other) and stand age. Finally, there was a
relationship between bird movement (migratory versus sedentary species) and amount of fire

in the landscape in 2009 (Figure 4, Figure 5).

DISCUSSION

We found evidence of a marked effect of fire on bird biota with detections of the vast
majority of species reduced in response to an increasing amount of fire in the landscape.
There was, however, evidence of recovery for some species, and primarily on sites where

large amounts of the surrounding forest had been burned. Relative to fire, the effects of
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logging were less marked, with six species responding to this covariate (on the linear and
quadratic scales) and only to the amount of harvesting in the previous 1-5 years. We found
that most bird species exhibited markedly different responses to fire relative to logging. We
found relationships between some bird life history attributes and the amount of fire in the
landscape, year, fire x year, and stand age. We further discuss these and other key findings in

the remainder of this paper.

01 & O2: Relationships between the amount of logging and fire in the landscape and the

number of bird species and the occurrence of individual species

We uncovered strong evidence that the number of bird species detected declined as
the amount of fire around each site increased. For sites where large amounts of the
surrounding forest had been burned, however, some species exhibited recovery over time.
More surprising was our discovery of a positive relationship between the occurrence of
several bird species at sites and the amount of forest logged in the surrounding landscape. As
our survey sites were not logged (whereas 43 of 88 were burned), we suggest that these
patterns could represent what we term a “concentration effect”, whereby clearcut logging in
the surrounding landscape removes habitat for species, triggering their movement into nearby
uncut areas. That is, the unlogged areas where our surveying took place may be functioning
as islands or refuges for birds. Other studies have found similar results when surrounding
landscapes have been logged and birds have moved to uncut refuges (e.g. Darveau et al.
1995). This kind of response may be attributed to the relationship between resource
availability in unlogged areas relative to the surrounding matrix (Estades 2001). Under these
circumstances, animals may retreat from a poor quality matrix into remaining undisturbed
habitat patches (resulting in a concentration effect) (Driscoll et al. 2013). An earlier study of
Variable Retention Harvesting (sensu Franklin et al. 1997) in Mountain Ash ecosystems

showed that islands of retained forest within cutblocks acted as refuges for a range of bird
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species (Lindenmayer et al., 2015). A postulated concentration effect is broadly consistent
with another key result from our analyses showing that the vast majority of species were
more likely to be detected in old growth sites (Appendix S1: Figure S5). Historical logging
and recurrent wildfire has meant that old growth stands have become extremely rare in
Mountain Ash ecosystems (now compromising 1.16% of the forest estate relatively to 30-

60% historically), and are strictly protected (if they exceed 5 ha in size).

Our analyses revealed that the majority of species exhibited a negative relationship
with increasing amounts of burned forest in the landscape surrounding our long-term sites
(Appendix S1: Figure S2). By contrast, the Flame Robin exhibited a positive relationship to
the amount of forest burned in 2009. The Flame Robin appears to be the only bird species
strongly associated with recently burned forest in Mountain Ash ecosystems, although it is
also found in older stands where fire has been absent for 20-150+ years. The relative paucity
of bird species associated with recently burned forest is in marked contrast to other
ecosystems globally where high-severity stand-replacing fires are also a characteristic form
of natural disturbance (Hutto 1995, Hutto 2008, Swanson et al. 2011). A combination of two
factors may explain the relatively rarity of bird species associated with recently burned
Mountain Ash forests. First, Mountain Ash forests are characterized by a truncated period in
which open conditions prevail following fire, with canopy closure of fast-growing
regenerating forest typically occurring 3-5 years after perturbation. Second, the historical fire
regime in Mountain Ash forest suggests that stand-replacing wildfires are relatively rare with
the average inter-fire period estimated to be 107 years (McCarthy et al. 1999). Hence, in a
broader evolutionary context, recently burned forests would have been uncommon and short-

lived, thereby limiting the evolution of early successional specialists.

We uncovered evidence of interactions between disturbance and time. In the case of

fire x year interactions, our analyses showed that while some taxa have continued to decline
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following the 2009 fire, others are increasing more rapidly in landscapes where there was a
large amount of fire (Figure 3). This suggests that some species are undergoing post-fire
recovery as burned stands are regenerating, possibly because these populations declined
markedly immediately following the fire. However, signs of recovery were not ubiquitous
with the models for 17 species not including a fire x year interaction and thereby not
containing evidence of post-fire recovery (Appendix S1). It is possible that monitoring over
much longer periods than the ten years of this study will be required to uncover evidence of

post-fire recovery among more species.

The lack of evidence for post-fire recovery for many species has major implications
for forest bird conservation if fire frequency increases, as it is predicted to do in Mountain
Ash forests as a consequence of rapid climate change (Williams et al. 2009). This is because
recurrent fire may increase the number and spatial extent of areas where bird species are
uncommon and elevate the risks of localized extinction. This may, in turn, have
corresponding impacts on key ecological roles (e.g. pollination and seed dispersal) that bird

species play in forest ecosystems (Sekercioglu et al. 2004).

03. Are bird responses mediated by life history attributes?

We sought to identify relationships between the coefficients of life history attributes
and spatio-temporal changes in forest cover. We found that large-bodied species were less
likely to decline over time in landscapes subject to large amounts of fire in 2009. Large-
bodied species have larger territory sizes than smaller species (Schoener 1968, Garnett et al.
2015). This may enable them to exploit resources over larger areas and hence be more likely
to persist in extensively burned landscapes than smaller-bodied taxa (Figure 4, Figure 5,
Appendix S1: Table S4). We also found that migratory taxa had a positive association with
landscapes subject to large amounts of fire in 2009. The greater mobility of such species may

enable them to exploit forests regenerating after fire more readily than resident taxa.
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A further outcome of our life history analyses was evidence that small-bodied bird
species were more likely to be associated with old growth stands relative to younger aged
stands. Old growth stands are characterized by a greater range of vegetation layers
(Lindenmayer et al. 2000) and hence may support more potential foraging substrates than
young forest. This also may explain our findings for an association with old growth stands of

birds other than insectivores. .

Conservation implications

Some authors have hypothesized that in ecosystems subject to stand-replacing natural
disturbances, wildfire and clearcutting will have similar impacts on biodiversity because both
are high-severity perturbations (Attiwill et al. 1994, Simon et al. 2002, Van Wilgenburg and
Hobson 2008). Others have argued that that because logging and fire create different spatial
patterns of forest cover (McCarthy and Burgman 1995), biodiversity will exhibit markedly
different responses to these kinds of disturbances (Franklin and Forman 1987, Stein et al.

2014, Phalan et al. 2019).

Our data showed that no species exhibited the same responses to fire and logging
(Appendix S1: Figures S2-S5). Differences in the amount of disturbed forest created by fire
versus logging (Franklin and Forman 1987, McCarthy and Burgman 1995), as well as the
speed at which they affect the landscape, may explain the marked differences responses to
these kinds of perturbations. Harvesting operations in a given cutblock gradually impact the
forest over several months or more, during which birds may move from logged to uncut areas
(such as our unlogged field sites). In the case of high-severity and high-intensity fire, which
typically occurs over large areas within hours, birds may die en masse thereby producing
marked negative effects on the population as a whole. In the case of our study region, large
parts of the area burned in the 2009 wildfires were subject to extreme fire conditions,

including fire intensities of ~ 80 000 kw per square meter, flame heights exceeding 60 m, and
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wind speeds exceeding 100 km per hour. Notably, several other studies have quantified very
high levels of mortality of animals as a direct result of fire (Brynard 1971, Fox 1978, Whelan
1995, Keith et al. 2002). Moreover, we found no evidence of increased detections of birds in
unburned areas following the 2009 fires. Thus, the large and abrupt changes in forest cover
that extend over large areas as a result of wildfire (Turner et al. 2003) likely underpin more
marked effects of fire relative to the incremental and often spatially dispersed effects of
logging (Li et al. 1993). Although up to 40% of the surrounding landscape within a 4.5km
radius was cutover in some landscapes (Figure 1; see also Appendix Figure S1), on average
the amount of burned forest surrounding our sites was far higher (20%) than the amount of
forest that was logged (3-6%) (Appendix S1: Table S1). This also may explain the stronger

responses to fire than logging which characterized our study.

Despite differences in the extent and frequency in the amount of fire and logging in
the landscape and associated effects on birds, both kinds of stand-replacing disturbance have
a similar negative impact on the amount of old growth forest. This is an important similarity
given that one of the key outcomes of our work was the strong positive effects of stand age
and the number of bird species detected. Detections of the vast majority of individual taxa
also were markedly higher in old growth stands than in younger aged forest (Figure 4). Old
growth forests are characterized by greater stand structural complexity than younger forests
(Lindenmayer et al. 2000) and subsequently may provide habitat for a broader range of bird
species. A key concern is that old growth stands of Mountain Ash forests are now extremely
rare in the Central Highlands of Victoria. Only 1.16% of this forest ecosystem is old growth,
although it used to comprise 30-60% of the forest estate prior to European settlement
(Lindenmayer and McCarthy 2002). Given the importance of old growth forests for bird and

other biodiversity, areas of old growth forest need to be expanded substantially through
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strategic reservation of existing younger-aged stands that are allowed to grow through to

ecological maturity (Taylor et al. 2017).

Our analyses suggest that uncut stands may act as refuges from human disturbance
and therefore have an important role in supporting populations of forest birds when the
surrounding forest is logged. Forest managers may therefore need to carefully consider how
much of a given landscape is subject to harvesting, especially if large areas of the same
landscape have also been subject to fire (which is the case in many parts of the Mountain Ash

estate).

We focused on the effects on forest birds of the amount of logged and burned forest
surrounding our array of long-term field sites. We did not explore potential interacting
landscape effects of fire and logging such as where areas subject to a major conflagration are
subject to post-fire salvage logging. Salvage logging operations are spatially limited in
Mountain Ash forests and demand fit-for-purpose experiments (see Lindenmayer et al.
2018c). Nevertheless, further work is required to quantify other interacting effects of logging
and fire on biodiversity at the landscape level, especially as a past history of harvesting can
elevate the risk of subsequent higher severity fires (Taylor et al. 2014, Zylstra 2018), as also
found in a range of forest types globally (Thompson et al. 2007, Cochrane and Laurance

2008).



530

531

532

533

534

535

536

537

538

539

540

541

542

543

544

545

546

547

548

549

550

551

552

553

23

Concluding comments

Our analyses revealed that birds exhibit complex, time-dependent, and species-
specific responses to fire and logging. Both kinds of disturbances are high-severity
perturbations, but our results suggests that responses at a landscape-scale to one kind of
disturbance may not be readily predictable based on an understanding of the responses to
another kind of (albeit superficially similar) disturbance. Our findings also highlight the
challenges associated with understanding how spatio-temporal changes in forest cover arising
from different kinds of disturbances can influence multi-species assemblages such as those

which characterize the bird communities in many disturbance-prone ecosystems globally.
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Table 1. Frequency distribution of the number of sites surveyed in each stand age category.

Stand Age | Number of Sites
Old Growth | 8

1939 60

1960-1990s | 9

Mixed 11
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36

805  Table 2. Descriptive statistics for the weighted proportion of the landscape surrounding our
806 field sites (n=88) that burned in 2009 or was harvested in the previous 1-5 or 6-10 years of a

807  given survey year.

808
Measure Year | No of Mean | Median | SD Min | Max
sites
surveyed
Fire 2009 | 87 0.348 0.201 | 0.360 01]0.999
Harvesting 1-5 years | 2004 | 85 0.013 0.002 | 0.022 01]0.119
2005 | 87 0.015 0.003 | 0.025 01]0.127
2007 | 87 0.018 0.007 | 0.025 01]0.135
2009 | 87 0.018 0.010 | 0.024 01]0.119
2010 | 80 0.023 0.013 | 0.027 01]0.124
2011 | 86 0.021 0.009 | 0.029 01 0.140
2012 | 87 0.022 0.009 | 0.028 01]0.123
2013 | 83 0.023 0.014 | 0.027 01]0.117
2014 | 86 0.02 0.010 | 0.025 01 0.099
Harvesting 6-10 years | 2004 | 85 0.029 0.014 | 0.037 01]0.171
2005 | 87 0.03 0.013 | 0.038 01]0.168
2007 | 87 0.033 0.018 | 0.041 0]0.214
2009 | 87 0.032 0.012 | 0.043 01]0.237
2010 | 80 0.016 0.004 | 0.025 01]0.127
2011 | 86 0.018 0.008 | 0.025 01]0.123
2012 | 87 0.018 0.007 | 0.025 01]0.135
2013 | 83 0.019 0.009 | 0.027 01]0.152
2014 | 86 0.019 0.010 | 0.024 01]0.119
809
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FIGURE CAPTIONS

Figure 1a. Map of the study region. The different colored blue dots correspond to sites at
different elevation. Figure 1b. Spatial and temporal changes in the forest cover resulting from
logging in the Mountain Ash forests in the Central Highlands of Victoria (photo by David
Blair taken in 2014). The stand-replacing nature of fire and logging in Mountain Ash
ecosystems means it is possible to quantify the amount of forest surrounding our long-term
sites perturbed in any given year. Our sites (shown as blue dots on the map) spanned a range
of landscapes where there has been varying amounts of disturbance by fire and logging (see
Appendix S1: Table S1). The photo in Figure 1b shows ANU research site 379 (marked with
a yellow line). The white lines correspond to the boundaries of cutblocks logged and the
yellow stars show a point within that harvested unit with the corresponding year of cutting.
Note that no field sites were logged although the surrounding areas were harvested in many

of the landscapes targeted for study.

Figure 2. Relationships between number of bird species detected, year and amount of fire in
the surrounding landscape. For illustrative purposes, we used the 25", 50" and 75
percentiles of the amount of fire in the landscape, which are represented by green, red and
grey lines respectively. The posterior medians and their 95% credible intervals are depicted
for each percentile mentioned above in the corresponding year. The grey dashed vertical line
indicates the timing of the 2009 wildfire in relation to when bird surveys were completed.
The predictions for each stand age were averaged and the continuous covariates were held

fixed at their mean values.

Figure 3. Time trends in probability of detection for the 13 bird species which contained
evidence of a fire x year interaction. For illustrative purposes, we used the 25", 50" and 75%
percentiles of the amount of fire in the landscape which are represented by green, red and

grey lines and shaded areas, respectively. The lines represent the posterior median values and
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the bars polygons are the 95% credible intervals. The grey dashed vertical line indicates the
timing of the 2009 wildfire. Note that surveys conducted prior to 2009 were assigned zero

fire in the surrounding landscape.

Figure 4. Relationships between bird life history attributes (log body mass, diet and
movements) and responses to key covariates modeled. We present posterior medians and
95% credible intervals for the individual trait x covariate interaction. Grey x’s correspond to
responses that cross zero, whereas black x’s shows responses that do not cross zero and are

important.

Figure 5: Illustration of the trait by covariate interaction depicted in Figure 4. Panels A)
through C) show the interaction of body mass and survey year and fire interaction. We chose
3 values of body mass (the body mass trait was modeled on the log scale): minimum, median
and maximum along with the varying levels of fire experienced in 2009 (for more details see
Figure 3). Panel D) shows the interaction between body mass (the same three levels as
panels A-C) and stand age. Panel E) shows the interaction between diet (insectivore versus
others) and stand age. Panel F) shows the interaction between movement (resident/sedentary
vs migratory and partly migratory) and the fraction of the landscape burned in 2009. We plot
posterior medians and 95% credible intervals on the probit scale holding all the other
variables fixed at their mean value (continuous variables) or at their reference level

(categorical variables).
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